
MINIREVIEW

Postfire Soil N Cycling in Northern
Conifer Forests Affected by Severe,

Stand-Replacing Wildfires

Erica A.H. Smithwick,1* Monica G. Turner,1 Michelle C. Mack,2 and
F. Stuart Chapin III3

1Department of Zoology, University of Wisconsin, Madison, Wisconsin 53706, USA; 2Department of Botany, University of Florida,
Gainesville, Florida 32611, USA; 3Institute of Arctic Biology, University of Alaska, Fairbanks, Alaska 99775, USA

ABSTRACT

Severe, stand-replacing fires affect large areas of

northern temperate and boreal forests, potentially

modifying ecosystem function for decades after

their occurrence. Because these fires occur over

large extents, and in areas where plant production

is limited by nitrogen (N) availability, the effect of

fire on N cycling may be important for long-term

ecosystem productivity. In this article, we review

what is known about postfire N cycling in northern

temperate and boreal forests experiencing stand-

replacing fires. We then build upon existing liter-

ature to identify the most important mechanisms

that control postfire N availability in systems ex-

periencing severe, stand-replacing fires compared

with fires of lower severity. These mechanisms in-

clude changes in abiotic conditions caused by the

opening of the canopy (for example, decreased LAI,

increased solar radiation), changes in ground layer

quantity and quality (for example, nutrient release,

permafrost levels), and postfire plant and microbial

adaptations affecting N fixation and N uptake (for

example, serotiny, germination cues). Based on the

available literature, these mechanisms appear to

affect N inputs, internal N cycling, and N outputs in

various ways, indicating that severe fire systems are

variable across time and space as a result of com-

plex interactions between postfire abiotic and biotic

factors. Future experimental work should be fo-

cused on understanding these mechanisms and

their variability across the landscape.
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INTRODUCTION

Severe, stand-replacing wildfires influence the

structure and function of many northern temperate

and boreal coniferous forests (Turner and Romme

1994; Zackrisson 1977; Kasischke and Stocks 2000).

Severe fire affects ecosystem function by changing

the biogeochemical cycling of critical plant nutri-

ents, such as nitrogen (N), phosphorus, potassium,

calcium, magnesium (Chorover and others 1994;

Raison 1979; Boerner 1982). Changes in N cycling

after severe fire are important in northern conifer-

ous forests because plant production in these forests

is generally limited by N (Vitousek and Howarth

1991; Yarie and Van Cleve in press), an element

that is volatilized by fire (Raison 1979). Yet, despite

the importance of both fire and N cycling in

northern coniferous forests, the specific mecha-

nisms affecting postfire N cycling after severe,

stand-replacing fires, and their variation across the

landscape, have not been carefully analyzed.

Received 8 July 2003; accepted 30 October 2003; published online

28 February 2005.

*Corresponding author; e-mail: easmithwick@wisc.edu

Ecosystems (2005) 8: 163–181
DOI: 10.1007/s10021-004-0097-8

163



Each year extensive areas of northern temperate

and boreal forests are affected by severe wildfire,

despite significant regional and historical variabili-

ty. Between 1980 and 1989, stand-replacing fires

disturbed over 5 million ha of land annually in

boreal forests, mostly in Canada and Russia (Stocks

1991). On average, wildfires affect 1.7 million ha

annually in the United States, although that

amount can double in severe fire years (NIFC 2003;

Turner and others 2003).The mean annual area

burned has increased in the northern Rockies and

Canada over the past several decades (Baker 2000;

Skinner and others 1999; Murphy and others

2000), while in Alaska there were no significant

long-term trends in area burned between 1950 and

1999 (Kasischke and others 2002). Most (73%) of

the area burned during these 40 years occurred

during 10 severe fire seasons (Kasischke and others

2002).

The intensity and frequency of wildfires is ex-

pected to increase in the future as a result of pre-

dicted changes in climate (Flannigan and others

2000; Dale and others 2001; Balling and others

1992). For example, in a doubled CO2 atmosphere,

simulation results suggest lightning-caused fires

will increase 30% in summer months in the

northern Rockies (Baker 2000). The northern

Rockies may be one of the regions in North

America that is most sensitive to climate change

and likely to have increases in severe or extreme

fire weather (Flannigan and others 2000; Baker

2000). In Russia, the annual area burned may

double or triple in a typical climate-warming sce-

nario (Stocks and others 1998; Flannigan and

Wotton 2001). Because the boreal forest is the

second largest biome on Earth (Saugier and others

2001), doubling the annual area burned could have

significant implications for global N and carbon (C)

cycles (Flannigan and others 2000; Hobbie and

others 2000).

Postfire N cycling has been studied after low-se-

verity, managed fires (prescribed, experimental,

site preparation) and in ecosystems that are either

nonconiferous (grasslands, mixed hardwood for-

ests, chaparral) or that lack stand-replacing fires

(pine forests dominated by surface fires). Wan and

others (2001) quantitatively summarized fire ef-

fects on N cycling in terrestrial ecosystems based on

87 studies. However, only three studies were from

coniferous forests experiencing wildfire: Aleppo

pine in Italy (Dumontet and others 1996), pine-

wood-oak in Spain (Andreu and others 1996), and

mixed spruce in Alaska (Dyrness and others 1989).

Only the latter reference can be considered stand

replacing.

Thus, much of what we understand about post-

fire N cycling is derived from low-severity fires in

nonconiferous systems. From these studies, we

know that fire alters N pools and fluxes via multiple

mechanisms (Table 1 and Figure 1) (Ahlgren and

Ahlgren 1960; Kozlowski and Ahlgren 1974; Rai-

son 1979; Woodmansee and Wallach 1981; Bo-

erner and others 1982; Johnson and others 1998;

Wan and others 2001). First, the fire event directly

changes N pools through volatilization, pyrolysis,

ash deposition, translocation of N between mineral

and organic soil layers, and lysis of fine root and

microbial cell walls. Second, N pools and fluxes are

altered by changes in rates of microbial processes

after fire as a result of alteration of the soil abiotic

environment (pH, temperature, moisture), changes

in the quantity or quality of substrates (organic N,

NH4
+, carbon), or changes in microbial community

composition and population size. Finally, N pools

and fluxes are altered by the type of vegetation that

persists or colonizes after fire, which affects N in-

puts through biological N fixation, N uptake, and

the quantity of labile substrates for mineralization.

The net effect of these mechanisms may affect ec-

osystem productivity (Wirth and others 2002; Oj-

ima and others 1994), thus emphasizing the

importance of fire to ecosystem function.

In this article, we synthesize what is known

about postfire N cycling after severe, stand-replac-

ing fires in northern temperate and boreal systems

and assess the extent to which the aforementioned

mechanisms are useful in understanding postfire N

cycling. We place this work in context by synthe-

sizing observations following non-stand-replacing

fires and assessing spatial heterogeneity. We con-

clude by identifying areas of remaining uncertainty

and outlining directions for future research.

SEVERE, STAND-REPLACING FIRES IN

NORTHERN CONIFER FORESTS

Stand-replacing fire regimes are common

throughout the extensive boreal forests of North

America, Europe, and Asia and affect a range of

coniferous forest species (Turner and Romme 1994;

Bourgeau-Chavez and others 2000). Fires are

generally infrequent, severe, and spatially exten-

sive. Fire return intervals range from 30 to 70 years

in forests of jack pine (Pinus banksiana) in Canada

(Rowe and others 1974), from 26 to 113 years in

forests of black spruce (Picea mariana) in Alaska

(Yarie 1981), from 100 to 300 years forests of

lodgepole pine (P. contorta) in the northern and

central Rocky Mountains (Romme 1982; Romme
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and Despain 1989), and 400 years in high-elevation

forests of Douglas fir (Pseudotsuga menziesii) and

western hemlock (Tsuga heterophylla) in the Pacific

Northwest, USA. The estimated fire return interval

in Norway spruce (Picea abies), larch (Larix sp.), and

pine (Pinus sp.) forests of Scandinavia and Russia

extends across that entire range, from 50 to 400

years (Dahlberg 2002). Typically, very few large

fires account for most of the total burned area, and

these fires are driven primarily by climate, partic-

ularly prolonged regional drought (Johnson 1992;

Johnson and Wowchuck 1993; Bessie and Johnson

1995; Flannigan and Wotton 2001). Under the

extreme fire weather responsible for the large fires,

variation in fuel structure is often of minor im-

portance, and fires may burn through forests of all

ages, structures, and compositions. Because of hu-

man influences, severe fires may be less common in

regions where fuels and fires are highly managed

(for example, northern Europe).

Across northern temperate and boreal ecosys-

tems, severe, stand-replacing fires are carried by

different fuels (surface vs. canopy) and are char-

acterized by varying levels of fuel consumption.

However, all severe, stand-replacing fires kill the

trees and initiate secondary succession through the

establishment of a new forest cohort (Johnson

1992). For example, crown fires are carried by the

tree canopy, whereas severe surface fires are typi-

cally carried by ground fuels, although both may

result in complete canopy mortality and substantial

consumption of ground fuels. It is important to

note that not all crown fires are stand-replacing in

boreal coniferous systems; postfire tree mortality in

Russia and Siberia ranges from 30% to 100% de-

pending on fire intensity (Shvidenko and Nilsson

2000a). Likewise, not all severe surface fires are

stand-replacing in boreal coniferous systems; post-

fire tree mortality ranges from 0 to 100%, and may

depend on the amount of organic layer consump-

tion, the height of tree scorching, and the tree

species (Shvidenko and Nilsson 2000a). For ex-

ample, mortality is higher for larch (which occupy

37% of Russian forests) than for pine after severe

surface fires because of higher susceptibility to

trunk scorching and superficial rooting (Shvidenko

and Nilsson 2000a). In general, in Russia, Canada,

and Alaska, stand-replacing fires are typically car-

ried by ground fuels, especially litter (Shvidenko

and Nilsson 2000a), whereas stand-replacing fires

in northern temperate forests are typically carried

by the upper canopy.

Estimates of surface and canopy consumption

after severe, stand-replacing fire are variable.

Crown fires consume 20%–40% of aboveground

Table 1. Mechanisms Affecting Postfire Internal
Nitrogen Cycling in Mineral and Organic Soil

Fire

event

Postfire

response

(1) Volatilization Change in mineralization

rates = f(abiotic)

(2) Pyrolysis (5) Temperature, Moisture

(3) Ash deposition (6) pH

(4) Cell lysis (7) Substrate quantity (NH4
+)

Change in mineralization

rates = f(biotic)

(8) Substrate quality

(9) Substrate quantity

(organic N)

(10) Microbial pool size

(11) Immobilization

(12) Translocation

(13) Erosion, leaching

(14) Plant uptake

(15) Plant community composition

(16) Mineral soil interactions

Figure 1. Flowchart showing the interactions among

processes affecting postfire nitrogen cycling.
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biomass in Russia and Siberia (Shvidenko and

Nilsson 2000b; Conard and others 2002; Bourgeau-

Chavez and others 2000). In Alaskan black spruce

forests, 20%–90% (average = 43%) of the ground

layer may be consumed (Kasischke and others

1995, 2000). During the 1988 Yellowstone fires, all

of the surface litter was consumed, although only

8% of the coarse woody debris (CWD) that was

present on the forest floor was consumed, and an

equal amount (approximately 8%) was converted

to charcoal (Tinker and Knight 2000). Higher levels

of CWD consumption have been observed else-

where. After a high-intensity prescribed fire in

Idaho, 30% of the CWD was consumed (Fahne-

stock and Agee 1983), and higher amounts may be

consumed in boreal fires that are carried by surface

fuels. The type of CWD remaining after severe fire

will vary. Snags comprise approximately two-thirds

of CWD biomass in burned stands compared with

less than one-fifth of CWD in mature stands (Pedlar

and others 2002; Tinker and Knight 2000).

Downed CWD may increase through time as

snagfall increases several decades after fire. Across

northern forests, CWD consumption will be varia-

ble, depending on prefire CWD moisture content,

prefire CWD biomass, spatial heterogeneity in fire

intensity, and species composition.

There is still considerable uncertainty surround-

ing the extent of stand-replacing fires in northern

temperate and boreal systems, especially in Russia.

Stand-replacing crown fires may affect 0.240 mil-

lion ha annually in forests and taiga of Russia

(Shvidenko and Nilsson 2000a,b). In northern bo-

real systems, crown fires may be only 10%–20% of

total area burned in normal years (Conard and

others 2002) but 50%–90% in severe years (Kajii

and others 2002; Conard and others 2002). In the

Russian Far East, remote-sensing studies have

documented that the majority of fires during the

1998 fire season were crown fires (Kasischke and

Bruhwiler 2003).

Many plant species in the northern temperate

and boreal coniferous forests display a range of

adaptations to fire. Plants that have evolved with

severe fire exhibit multiple autoecological adapta-

tions that promote their survival or propagation

(Rowe and Scotter 1973). Many of the dominant

conifer species (for example, lodgepole pine, jack

pine, and black spruce) are serotinous or semis-

erotinous, producing cones that open and release

their seed when heated by fire. Postfire tree re-

generation can be extremely dense in areas of high

stand-level serotiny (M.G. Turner and others

1997). Many understory woody and herbaceous

species can resprout following fire because below-

ground roots and rhizomes often survive; subse-

quent flowering can be followed by abundant

seedling recruitment.

LESSONS FROM OTHER FIRE SYSTEMS

We begin by synthesizing what has been learned

from studies of fire in other ecosystems. Lessons

from these fire systems may guide future research

on severe, stand-replacing fires in northern conif-

erous forests. We consider earlier reviews and

published information on N inputs, internal N cy-

cling (including nutrient pools and cycling rates),

and N outputs from the system.

Fire-Nitrogen Reviews

In one of the first comprehensive reviews of fire

and N cycling, Ahlgren and Ahlgren (1960) con-

cluded there was conflicting evidence in nearly

every aspect of fire ecology research, particularly N

cycling, but were able to draw several general

conclusions. They concluded that erosion is en-

hanced after severe fires because the topsoil is less

capable of absorbing water, that moisture and

temperature changes in the surface soil may be

significant, that fire reduces soil acidity, and that

burning appears to stimulate N fixation. Two dec-

ades later, Raison (1979) similarly concluded that

the impact of isolated events on the nutrient cy-

cling of entire ecosystems remained inadequately

studied, concluding that fire ecological research

was hampered by a lack of information from sites

with a known burning history and by the neces-

sarily complex ecological interactions affecting

nutrient cycling.

Recently, Wan and colleagues (2001) used a

meta-analysis method to quantitatively summarize

fire research on N, reviewing literature on the ef-

fect of fire on N pools and concentrations, partic-

ularly fuel and soil N amount and concentration,

and ammonium and nitrate pools. Independent

variables used to compare results across numerous

studies were vegetation type, fuel type, the amount

(and %) of fuel consumption, the time after fire,

and the soil sampling depth. They concluded that

total fuel N amount was influenced by vegetation

amount, fuel type, and the amount (and %) of fuel

consumption. Fuel N concentration, on the other

hand, was only affected by fuel type. Soil N amount

was not correlated with any of the independent

variables tested. Soil N concentration, ammonium,

and nitrate were dependent on soil sampling depth.

Ammonium and nitrate were affected by fire type

and time since fire, but they differed temporally in
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their response. For example, there is a pulse of

ammonium that lasts up to 1 year after fire, ap-

proximately doubling prefire levels, which is fol-

lowed by increases in nitrate. Wan and colleagues

(2001) provided a new and more conclusive way of

summarizing the effects of fire on N cycling and

highlighted key areas of needed consistency among

studies, such as soil sampling depth. However, in

their article, they cited only three papers assessing

wildfires in coniferous forests. Also, the authors did

not attribute mechanisms behind the changes in

ecosystem-level patterns. Finally, most of the re-

search included in the aforementioned reviews was

focused on the first 5 years after a fire event and

much less is known about the effects of fires on N

cycling through ecosystem succession.

In the following section, we build on these ear-

lier reviews by focusing on important mechanisms

that control N cycling (inputs, internal cycling,

outputs) and which operate through initial postfire

forest establishment and succession. In a subse-

quent section, we narrow our discussion to severe,

stand-replacing fires in northern temperate and

boreal systems.

Nitrogen Inputs

Determining when fire enhances N inputs is diffi-

cult because of the stochastic nature of interactions

between abiotic processes that drive fire and the

biological processes that control the abundance of

postfire plant species, including N-fixing plants. For

example, germination cues related to fire may have

threshold effects that are difficult to predict. In a

suite of 35 fire-following species in an Australian

shrubland, 50% of the species did not germinate

following fire unless soil temperatures exceeded

60�C; 100% of the species germinated when soil

temperatures reached 80�C (Auld and O’Connell

1991). Germination was thus related to climate,

fine fuel load, and seed bank composition (Brad-

stock and Auld 1995), all factors that vary inde-

pendently in space and time. In another case, fire

indirectly stimulated the germination of legume

seeds in an African savanna by killing bruchid

larvae that infested the seeds, thereby decreasing

seed mortality (Sabiiti and Wein 1987). These types

of fire-driven interactions between abiotic and bi-

otic processes have the potential to generate a

patchy and stochastic distribution of N inputs in

space and time, and they may also operate in stand-

replacing fires systems.

Whether or not fire enhances N inputs by stim-

ulating asymbiotic fixation appears to be largely

determined by the effects of fire on substrate

availability. Systems in which plant community

and ecosystem structure have shifted due to

changes in fire regime may be particularly sensitive

to these types of effects. For example, in a Hawaiian

woodland invaded by fire-promoting exotic grasses,

N inputs from asymbiotic fixation were reduced by

more than a factor of 5 when woodlands were

converted to grassland by fire (Ley and D’Antonio

1998; Mack and others 2001). This reduction was

primarily due to the loss of litter inputs from the

native species; fixers did not appear to use exotic

grass litter as a substrate for fixation (Ley and

D’Antonio 1998).

Fire may stimulate asymbiotic fixation activity by

altering environmental factors that modulate rates

of fixation. Because fixation activity is positively

related to pH (Nohrstedt 1985; Limmer and Drake

1996) and temperature, the tendency of postfire

forest floors to be more basic and warm should

enhance fixation rates. Increases in soil moisture

after fire, due to lower plant demand for water,

should also enhance N fixation (Wei and Kimmins

1998). However, burning affected soil moisture

differently among three stands in Alaska, attributed

to differences in preburn drainage characteristics

(O’Neill and others 2002). Thus, postfire N fixation

may vary with prefire conditions that control

postfire heterogeneity. The magnitude of these ef-

fects on N inputs at the ecosystem scale are likely to

be substantially smaller than the effects of changes

in substrate pool size (Limmer and Drake 1996; Ley

and D’Antonio 1998).

Internal Nitrogen Cycling

Studies from non-stand-replacing fire systems

show that soil ammonium concentrations generally

increase after fire, 2–26 times above prefire levels

(Table 2). The pulse of ammonium may be short-

lived, often less than 2 years, as demonstrated in

eucalyptus forests in Tasmania (Adams and Attiwill

1991), in white fir/giant sequoia forests in the Si-

erra Nevada region (Chorover and others 1994),

and in Californian chaparral (Fenn and others

1993). Most studies show soil nitrate pools increase

2–5 times after fire, with one exception [44 times

higher in a Mediterranean forest (Rapp 1990); Ta-

ble 3]. The increase in nitrate pools often lags be-

hind the increase in ammonium, as confirmed by

Wan and others (2001). For example, nitrate levels

may be comparable to prefire levels for 1 year after

the fire and then increase dramatically in the fol-

lowing years (Covington and Sackett 1992). This

temporal heterogeneity in nitrate levels may par-

tially account for the many observations of non-

significant fire effects summarized in Table 3.
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Changes in soil inorganic N after fires have been

attributed to a combination of direct and indirect

fire effects. The volatilization of N, the pyrolysis of

organic matter (Kovacic and others 1986), and the

deposition of N and cations in ash (Grove and

others 1986; Christensen 1973; Christensen and

Muller 1975) have been well documented in sur-

face fires. Increased inorganic N in soil after fire

may be proportional to the amount of forest floor

burned (Covington and Sackett 1992) and may be

positively correlated with fire severity (Weston and

Attiwill 1990).

There are conflicting results about whether N

mineralization rates are enhanced or diminished by

fire in the studies from other systems (Table 4).

Elevated soil N mineralization rates have been ob-

served in chaparral (Singh and others 1991), trop-

ical forest (Matson and others 1987), grassland

(Hobbs and Schimel 1984), mixed hardwood

(Knoepp and Swank 1993), and surface-fire sys-

tems (Kaye and Hart 1998; Rapp 1990), as well as

in laboratory settings (Dunn and others 1979).

Decreases in soil net mineralization rates after fire

have been observed in surface-fire (Monleon and

others 1997), grassland (Blair 1997), and chaparral

(Dumontet and others 1996) systems.

Increases in soil N mineralization rates have been

attributed to a combination of factors, both abiotic

[increased soil temperatures (Hobbs and Schimel

1984), increased anion exchange at depth (Matson

and others 1987), higher pH (Christensen and

Muller 1975)] and biotic [reduced microbial im-

mobilization (Klopatek and others 1990)]. Nitrifi-

cation may increase as a result of increased

ammonium, increased soil pH, and perhaps de-

creased microbial immobilization of nitrate (Stock

and Lewis 1986; Chorover and others 1994; Kaye

and Hart 1998). Decreased soil mineralization rates

have mainly been attributed to biotic factors, in-

creased C: N (Dumontet and others 1996) and a

Table 2. Changes in Postfire Ammonium Concentrations for Various Fire Systems

Fire type Change Mechanism Location Reference

Stand-replacing conifer forests

Experimental NS 14, 16 Alaska Van Cleve and Dyrness 1983

Wildfire 200%-400% 11, 14 California Grogan and others 2000a

Non-stand-replacing conifer forests (surface fire)

Prescribed 300% 12 Oregon Monleon and others 1997

Prescribed 487%-2054% 4 Arizona Covington and Sackett 1986,1992

Prescribed 196% 5 Arizona Kaye and Hart 1998

Prescribed 713% — Montana DeLuca and Zouhar 2000

Prescribed 1026% 12, 16 Montana Choromanska and DeLuca 2001

Prescribed Increase 6, 8, 16 California Chorover and others 1994

Prescribed NS (112%) — Arizona Wright and Hart 1997

Wildfire 156%-217% 4 Virginia Groeschl and others 1993

Lab 109%-142% 5 Montana Choromanska and DeLuca 2002

Woodland/Chaparral

Prescribed 400% Mediterranean Rapp 1990

Prescribed 2648% 2, 12 Arizona Covington and others 1991

Prescribed 382% 2, 12 Arizona Klopatek and others 1990

Prescribed 284% 1, 2, 12 California DeBano and others 1979

Wildfire 500% 9, 3 California Christensen and Muller 1975

Wildfire 400%-1400% — California Fenn and others 1993

Wildfire 900% 9 Israel Kutiel and Naveh 1987

Wildfire Increase 3, 14 South Africa tock and Lewis 1986

Broadleaved/Mixed

Slash 1000% — Australia Adams and Attiwill 1991

Wildfire 136% — Australia Weston and Attiwill 1990

Experimental 282% 3, 12, 16 Australia Grove and others 1986

Clearing 325% — Costa Rica Matson and others 1987

Prescribed NS (56%) 8 Missouri Vance and Henderson 1984

Values are postfire/control (%). Mechanisms attributed to the change are defined in Table 1. If authors did not clearly attribute a mechanism to their results, this is noted with
a dash (—). NS = nonsignificant.
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decrease in litter quantity and quality (Monleon

and others 1997).

Studies from non-stand-replacing fire systems

report variable responses of total soil N to fire, from

65% to 310% of prefire levels (Table 5), largely

depending on the balance between N inputs to the

soil from ash and canopy litter versus combustion

and leaching losses.

Changes in inorganic N availability may be due

to changes in microbial activity or populations.

Studies from non-stand-replacing fire systems re-

port that microbial immobilization decreases (Klo-

patek and others 1990) or increases (Adams and

Attiwill 1991). Decreased immobilization has been

attributed to a loss of C inputs following fire (Klo-

patek and others 1990). Increased immobilization

has been attributed to enhanced microbial activity

(Ojima and others 1994), increases in available

organic C concentrations, and/or increases in

phosphorus supply (Adams and Attiwill 1991). If

microbial immobilization is enhanced by fire, it

may restrict off-site N losses (Adams and Attiwill

1991).

There are conflicting reports on the effect of fire

on microbial biomass shortly after fire. Decreases in

microbial biomass have been observed in the

tropics (Matson and others 1987) and in pine for-

ests dominated by surface fires (Dumontet and

others 1996; Prieto-Fernandez and others 1998).

Increases in microbial biomass have been docu-

mented after fire in Californian chaparral (Chris-

tensen and Muller 1975) and immediately after a

Table 3. Changes in Postfire Nitrate Concentrations for Various Fire Systems

Fire type Change Mechanism Location Reference

Stand-replacing conifer forests

Experimental NS (25%-50%) 5, 11, 13, 16 Alaska Van Cleve and Dyrness 1983

Wildfire Increase 7 California Grogan and others 2000a

Non-stand-replacing conifer forests (surface fire)

Prescribed Increase 7, 15 Arizona Covington and Sackett 1986

Prescribed 273% 11 Arizona Kaye and Hart 1998

Prescribed 192% — Montana DeLuca and Zouhar 2000

Prescribed 275% 7, 11 Montana Choromanska and DeLuca 2001

Prescribed Increase — California St. John and Rundel 1976

Prescribed Increase 6, 7, 11 California Chorover and others 1994

Prescribed NS — Arizona Covington and Sackett 1992

Prescribed NS — Montana Newland and DeLuca 2000

Prescribed NS — Oregon Monleon and others 1997

Prescribed NS(+ 150%) — Arizona Wright and Hart 1997

Wildfire 85%–385% 4 Virginia Groeschl and others 1993

Woodland/Chaparral

Prescribed 550% 7 Arizona Covington and others 1991

Prescribed 4400% — Mediterranean Rapp 1990

Prescribed NS()28% to + 222%) Arizona Klopatek and others 1990

Prescribed NS()19% to + 244%) California DeBano and others 1979

Experimental 154% 3, 9, 12, 14 India Singh and others 1991

Wildfire 500% Not clear Nevada Baldwin and Morse 1994

Wildfire 500% 6, 7 California Christensen and Muller 1975

Wildfire 200% — Israel Kutiel and Naveh 1987

Wildfire Increase 14 South Africa Stock and Lewis 1986

Wildfire NS (increase) — California Fenn and others 1993

Broadleaved/Mixed

Prescribed NS — South Carolina Binkley and others 1992

Slash 250% — Costa Rica Matson and others 1987

Prescribed NS — Missouri Vance and Henderson 1984

Slash NS 1 Costa Rica Ewel and others 1981

Wildfire NS — Australia Weston and Attiwill 1990

Values are postfire/control (%). Mechanisms attributed to the change are defined in Table 1. If authors did not clearly attribute a mechanism to their results, this is noted with
a dash (—). NS = nonsignificant.
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Table 4. Changes in Postfire Mineralization Rates for Various Fire Systems

System Change Mechanism Location Reference

Net Mineralization

Stand-replacing conifer forests

Wildfire NS 5, 10 Quebec Simard and others 2001

Non-stand-replacing conifer forests (surface fire)

Prescribed 200%–300% 7 Arizona Kaye and Hart 1998

Prescribed 1278% — Mediterranean Rapp 1990

Prescribed 134% — North Carolina Schoch and Binkley 1986

Prescribed 53%–524% (PMN) 9, 12, 14 Montana DeLuca and Zouhar 2000

Prescribed 370% (PMN) 8 Montana Choromanska and DeLuca 2001

Prescribed Decrease 8, 9 Oregon Monleon and others 1997

Prescribed 79%(PMN) 1, 9 Montana Newland and DeLuca 2000

Prescribed 73% (AMN) 8, 10 Arizona Wright and Hart 1997

Woodland/Chaparral

Experimental 120% 9, 15 India Singh and others 1991

Wildfire Decrease 8 Italy Dumontet and others 1996

Broadleaved/Mixed

Slash 50% 16 Costa Rica Matson et al 1987

Slash 252% (PMN) 5, 14 Australia Adams and Attiwill 1991

Slash 158% 5, 14 Australia Adams and Attiwill 1991

Wildfire 22% 11 Australia Weston and Attiwill 1990

Grassland

Experimental 32% — Kansas Blair 1997

Experimental 27%, 134% 8, 11 Kansas Ojima and others 1994

Experimental 15% 5, 8, 9 Kansas CL Turner and others 1997

Prescribed 200%–400% 5, 8 Colorado Hobbs and Schimel 1984

Nitrification

Stand-replacing conifer forests

Wildfire NS 6, 7 Quebec Simard and others 2001

Non-stand-replacing conifer forests (surface fire)

Prescribed Increase 6, 7, 11 California Chorover and others 1994

Prescribed 300%–500% 11 Arizona Kaye and Hart 1998

Prescribed )367% 11 North Carolina Schoch and Binkley 1986

Prescribed NS — Oregon Monleon and others 1997

Prescribed 2% (NS) 11 South Carolina Bell and Binkley 1989

Woodland/Chaparral

Experimental 125% — India Singh and others 1991

Grassland

Experimental 22% — Kansas CL Turner and others 1997

Ammonification

Non-stand-replacing (surface fire)

Prescribed 78% 9 North Carolina Schoch and Binkley 1986

Prescribed 46% (NS) 11 South Carolina Bell and Binkley 1989

Values are postfire/control (%). Mechanisms attributed to the change are defined in Table 1. If authors did not clearly attribute a mechanism to their results, this is noted with
a dash (—). Values are net rates, unless otherwise noted. PMN = potentially mineralizable N; AMN = aerobically mineralization N. NS = nonsignificant.
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prescribed fire in mixed ponderosa pine/Douglas-fir

forests of northwest Montana (DeLuca and Zouhar

2000). However, in a chronosequence of sites with

increasing time since fire, Fenn and others (1993)

observed no differences in microbial biomass pat-

terns beneath chamise/Ceanothus vegetation in

California.

Microbial populations are affected by tempera-

ture and moisture changes caused by burning.

Ground surface temperatures during fire are typi-

cally 100�C–200�C but may approach 1500�C in

intense fires (Neary and others 1999). Microbial

populations, especially fungi, are negatively af-

fected when temperatures are greater than 50�C
(Neary and others 1999). The transfer of this heat

to lower soil depths determines the extent to which

microbial populations are affected. Postfire micro-

bial mortality may be greater in moist soils com-

pared with drier soils (Klopatek and others 1990;

Choromanska and DeLuca 2002), potentially

Table 5. Changes in Postfire Total Soil Nitrogen for Various Systems

System Change Mechanism Location Reference

Stand-replacing conifer forests

Prescribed NS — Canada Beaton 1959

Experimental Increase 4, 12, 15 Canada Lynham and others 1998

Experimental 50% (FF) 4, 12, 15 Canada Lynham and others 1998

Wildfire 67% 1 Washington Grier 1975

Wildfire 3% (FF) 1 Washington Grier 1975

Wildfire 99%–117% 1 Alaska Dryness and others 1989

Wildfire 36%–98% (FF) 1 Alaska Dryness and others 1989

Wildfire 50%–115% (FF) 1 Quebec Simard and others 2001

Wildfire Decrease (FF) 1 Oregon Little and Ohmann 1988

Slash Decrease (FF) 1 British Columbia Feller 1988

Slash NS (106%) (FF) 11, 14 British Columbia Feller and Kimmins 1984

Slash 76%–106% (FF) — British Columbia Bellilas and Feller 1998

Non-stand-replacing conifer forests (surface fire)

Prescribed Decrease 2, 4, 5 California St. John and Rundel 1976

Prescribed 275% — Montana Choromanska and DeLuca 2001

Prescribed 120% 8, 12 Montana DeLuca and Zouhar 2000

Prescribed 108%–152% — California Chorover and others 1994

Prescribed 116% — Arizona Kaye and Hart 1998

Prescribed Decrease — Southwest U.S Johnson and others 1997

Prescribed 94% 1 Arizona Wright and Hart 1997

Prescribed 82% 4 South Carolina Bell and Binkley 1989

Prescribed NS — South Carolina Binkley and others 1992

Prescribed 104% (FF) — North Carolina Schoch and Binkley 1986

Wildfire 65% 1, 4 Virginia Groeschl and others 1993

Woodland/Chaparral

Prescribed 152% — Arizona Covington and others 1991

Prescribed 88% — California DeBano and Conrad 1978

Experimental 118% — India Singh and others 1991

Wildfire 128% 9 South Africa Stock and Lewis 1986

Wildfire 75% 1 Israel Kutiel and Naveh 1987

Wildfire Variable — California Christensen and Muller 1975

Broadleaved/Mixed

Wildfire 237% 3 Spain Andreu and others 1996

Wildfire 310% 4 Australia Weston and Attiwill 1990

Clearing 85% 15 Amazon Uhl and Jordan 1984

Grassland

Experimental 83% — Kansas Ojima and others 1994

Values are postfire/control (%). Values represent mineral soil nitrogen unless otherwise noted. FF = forest floor-nitrogen. Mechanisms attributed to the change are defined in
Table 1. If authors did not clearly attribute a mechanism to their results, this is noted with a dash (—). NS = nonsignificant.
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because moister soils may result in higher tem-

peratures at depth due to higher thermal conduc-

tivity up to 90�C (Campbell and others 1994).

However, in an open system at higher soil tem-

peratures, latent heat transport does not influence

thermal conductivity (Campbell and others 1994).

The concomitant effects of higher soil temperatures

and changes to soil moisture are not well studied.

Postfire microbial mortality may be less in drier

soils if microbial populations are adapted to stress-

ful environments (Choromanska and DeLuca

2002). Site fire history may be important in af-

fecting microbial community responses (Chor-

omanksa and DeLuca 2002). Finally, the postfire

microbial community may be determined both by

survival of the extant community as well as by

reinvading communities from neighboring sites not

affected by fire (Dunn and others1979).

Nitrogen Outputs

Several factors influence plant uptake after fire. As

described above, N availability usually increases

following fire (see also Wan and others 2001).

However, root biomass declines following fire due

to both death of fire-sensitive species and to real-

location to aboveground tissues of species that re-

sprout following fire, as occurs following clipping

or aboveground herbivory. The overall effect is a

radical decline in root biomass and therefore in N

uptake by vegetation (Chapin and Van Cleve

1981). The rate at which uptake recovers following

fire depends on the proportion of surviving vege-

tation and on the rate of establishment and growth

of colonizing species. Early successional postfire

species are typically shrubs, grasses, and herbs with

high relative growth rates and high capacity for N

uptake per gram root (Chapin 1980). Some of these

species, such as fireweed (Epilobium angustifolium),

are typically associated with soils of high nitrate

availability and have particularly high tissue N

concentrations. Seven of 15 species sampled before

and after fire in eight separate studies showed a

significant increase in leaf N after fire, and no

species showed a significant decrease in leaf N; the

median change after fire was a 29% increase in leaf

N (Chapin and Van Cleve 1981). Given that root

biomass declines after fire, this increase in leaf N

concentration probably reflects both increased N

availability and perhaps increased N uptake ca-

pacity per gram of root, a physiological change that

typically accompanies a change to conditions that

are more favorable for growth and leads to an in-

crease in plant demand for N (Chapin 1980).

Changes in species composition can also influence

plant N uptake. Most early successional postfire

species grow rapidly, have a high capacity for N

uptake, and produce litter that decomposes and

mineralizes N readily (Chapin and others 2002).

After slash fires and natural wildfires, there is

generally a decline in total ecosystem N. The

magnitude of this N loss correlates with the degree

to which humic layers are consumed (Table 5;

Little and Ohmann 1988; Feller 1988; Bellilas and

Feller 1998; Simard and others 2001; Grier 1975).

Except following the most severe fires (Stark 1977),

there are surprisingly few reports of increased N

losses to streams (McColl and Grigal 1977), sug-

gesting that most of the N loss associated with fire is

directly to the atmosphere during combustion, al-

though deep-soil retention or postfire denitrifica-

tion in wet sites such as riparian zones could also

account for some of the N loss associated with fire

(Grier 1975).

N CYCLING AFTER SEVERE,
STAND-REPLACING FIRES

There are several important characteristics of se-

vere, stand-replacing fire systems that may affect

postfire N cycling differently compared with fires of

lower severity. First, the opening of the canopy

after a severe fire may modify the temperature and

moisture conditions at the soil surface by increasing

solar radiation and reducing plant water uptake,

potentially altering N mineralization rates. Second,

where prefire organic layers are important, a

thinner or charred organic layer is likely to have

reduced capacity to store moisture and insulate the

underlying soil (Viro 1974; Rowe and Scotter 1973;

Van Cleve and others 1983), potentially modifying

soil N mineralization rates. Thermal decomposition

of organic matter by fire (pyrolysis) causes a release

of available N from organic layers that may be

translocated to mineral soil (Rowe and Scotter

1973). Third, many plants have adapted to severe,

stand-replacing fires by acquiring traits that confer

their successful establishment postfire. The result-

ing postfire plant abundance and composition af-

fects N availability by modifying ecosystem N

inputs, mineralization rates, and plant N uptake.

For example, after severe fire in areas of high pre-

fire serotiny, high tree density affects litter lignin

content, potentially constraining mineralization

rates. Below, we synthesize what is known about

postfire N cycling after severe, stand-replacing fires

in northern temperate and boreal systems.

In general, fires alter N cycling over the long

term (several centuries) by influencing succes-

sional trajectories and altering landscape-level

172 E. A. H. Smithwick and others



age-class structures (Harden and others 2003;

O’Neill and others 2003 ; Wirth and others 2002).

In particular, the influence of severe fires may be

significant if they initiate heterogeneous patterns

of postfire succession over broad areas (Turner

and others 2003) that set the template of succes-

sional dynamics, and thus N cycling, for centuries.

However, these long-term changes are not within

the scope of this review. Rather, we focus on ec-

osystem effects on N cycling after severe fire

through initial postfire stand development (less

than 100 years), focusing on N inputs, internal

cycling, and outputs.

Nitrogen Inputs

Severe fires affect ecosystem N inputs by increasing

the abundance of N-fixing plants. In addition, se-

vere fires may affect N inputs by altering the

composition and activity of asymbiotic fixers and

affecting canopy interception of precipitation. Al-

teration of the abundance of N-fixing plants has the

largest effect on inputs because this group has the

potential to attain the highest rates of fixation. For

example, Ceanothus spp. fix between 20 and 100 kg

N ha)1 y)1 in the understory of early to midsuc-

cessional ponderosa pine stands in the intermon-

tane west (Busse 2000). This amount is over an

order of magnitude greater than estimated annual

inputs from asymbiotic fixation (Cleveland and

others 1999) or atmospheric deposition in the

western United States (Binkley and others 2000)

(although N fixation may account for a small pro-

portion of inputs in systems that receive high levels

of atmospheric N deposition from industrial and

agricultural sources). Although we found few

studies that compared these fluxes before and after

fire, we identify several reasons why N inputs may

respond differently to stand-replacing fires than to

fires of lower severity.

First, severe fires alter the abundance of N-fixing

plants by drastically decreasing canopy LAI. Simu-

lation models suggest that the high C cost of N

fixation decreases the ability of these species to

compete effectively for light with nonfixing species

(Vitousek and Field 1999), and they predict that

abundance of fixers should decline as the canopy

closes following severe disturbance (Rastetter and

others 2001). These modeling results are supported

by observations that N-fixing plants are largely

absent from late successional stages of boreal and

temperate forests (Schlesinger 1991; Cleveland et al

1999; Crews 1999), although they may persist later

in succession in drier systems (Zavitovski and

Newton 1967; Vogel and Gower 1998) or in canopy

gaps (Wurtz 1995), where competition for light is

likely to be low.

A second unique effect of stand-replacing fires is

their potential effect on soil seed banks. Many of

the common N-fixing species that sprout following

fire create seed banks that may endure for several

fire cycles (Fenner 1985), allowing persistence

through the late successional stages when the

canopy is closed. For example, Zavitkovski and

Newton (1967) estimated that germinable seeds of

Ceanothus velutinus had persisted for hundreds of

years in the seed bank of a conifer forest in central

Oregon despite limited abundance in mature

stands. High soil temperatures associated with se-

vere fires may be necessary to break innate dor-

mancy and stimulate germination of some N-fixing

species such as Lupinus arcticus and Astragalus

umbellatus, leguminous forbs common in postfire

boreal forest stands.

For smaller inputs of N associated with lichens,

asymbiotic fixers, and atmospheric deposition, se-

vere fires may variably increase and decrease rates

of inputs by altering C substrates for asymbiotic

fixers and environmental conditions. There are

several possible mechanisms through which severe

fires are likely to have unique effects on asymbiotic

fixation. First, the death of canopy trees results in

large inputs of woody debris and root litter, which

may have a positive effect on N inputs in systems

where these substrates are important for asymbiotic

fixation. In a ponderosa pine stand killed by wild-

fire in interior British Columbia, for example, de-

composer bacteria colonizing decaying roots

contributed the most to asymbiotic N fixation on an

annual basis (Wei and Kimmins 1998). Second,

severe fires may disrupt the physical habitat pre-

ferred by asymbiotic N fixers. Feathermoss species

on the forest floor of mature boreal conifer stands

support epiphytic Nostoc spp. that may fix up to 1.5

kg N ha)1 y)1 and may represent the primary

source of biological N fixation in the late succession

ecosystem (DeLuca and others 2002). Mosses that

have been shown to be associated with N fixation

are killed by severe fire and the moss litter layer is

consumed. These do not reestablish until the can-

opy closes again (Van Cleve and others 1983).

Similarly, lichens may contribute substantial

amounts of N in the canopy of old growth conifer

stands in the Pacific Northwest; these epiphytes do

not regenerate immediately following fire (Denison

and others 1977). Overall, whether asymbiotic N

inputs are likely to increase or decrease following

severe fires is unclear. Finally, stand replacing fires

have the potential to decrease in canopy intercep-

tion of atmospheric N deposition due to the positive
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relationship between LAI and interception in con-

ifer canopies (Chapin and others 2002), but the

magnitude of this mechanism is generally poorly

understood. Although asymbiotic fixation and

deposition fluxes of N are generally low both before

and after fire, these mechanisms may be particu-

larly important for between-fire N accumulation in

ecosystems where N-fixing plants are rare or ab-

sent.

Internal Nitrogen Cycling

In addition to changes in N inputs, severe, stand-

replacing fires will also affect internal N cycling

because of substantial changes in biotic and abiotic

conditions. Internal N cycling in boreal forests after

severe fire will be largely affected by postfire

changes to the organic layer. Thick organic layers

insulate underlying mineral soil from heating and

limit downward conduction of heat due to high

porosity and high moisture content. Stand-replac-

ing fires result in several changes to the radiative

balance at the ground surface: (a) tree canopies are

killed, increasing solar insolation; (b) organic layer

thickness is reduced, causing decreased insulation,

and; (c) the ground surface is charred, decreasing

albedo. If the area is underlain by permafrost, this

change in radiative forcing causes the permafrost

layer to thaw, resulting in increased soil tempera-

tures and biological activity (Bourgeau-Chavez and

others 2000; Richter and others 2000). Soil tem-

perature at 20-cm depth may increase fourfold

during the 3 years after fire (O’Neill and others

2003), although effects may last for decades

(Richter and others 2000). Changes in soil tem-

perature are a function of the temperature gradient

at the surface, changes in thermal diffusivity of the

organic layer, and the amount of organic matter

remaining. In addition to changes in soil tempera-

ture, changes in soil moisture and nutrients may

also be significant. Changes in soil moisture are a

function of soil type, fire severity, and the degree to

which permafrost is altered (O’Neill and others

2003; Bourgeau-Chavez and others 2000). Rapid

increases in understory vegetation and mosses

within a decade after fire may ameliorate imme-

diate abiotic changes.

There are surprisingly few studies that have ex-

amined change in soil ammonium or nitrate pools

and concentrations after severe, stand-replacing

fires (Tables 2 and 3). In a California bishop pine

forest, Grogan and colleagues (2000a) observed 2–4

times higher ammonium and nitrate concentra-

tions after fire. N availability has been shown to

increase 2–12 times after fire in Alaska (Heilmann

1966; Van Cleve and Dyrness 1985). No changes in

nitrate concentration were observed in a Douglas-

fir/larch forest (Stark 1977). Van Cleve and Dyrness

(1983) observed no significant changes in pools of

ammonium and nitrate after experimental fires in

Alaska. Similarly, N mineralization rate measured

2, 14, and 21 years after fire was unaffected by

wildfire in black spruce forests in Quebec (Simard

and others 2001). We are aware of no published

studies in severe, stand-replacing systems that

quantify significant changes in mineralization rates

immediately after fire (Table 4). However, in-

creases in decomposition after severe fire that are a

result of altered soil temperature and moisture

conditions have been observed (Stark 1977; Van

Cleve and Dyrness 1985; O’Neill and others 2003).

Decomposition rates may increase 50%–100%

when soil temperatures increase 5�C–10�C (Richter

and others 2000). Modeling results have shown

that 20% of the ground layer in boreal forests may

be lost via decomposition 25 years after fire because

of increased soil temperatures (Kasischke and oth-

ers 1995). Increased decomposition may result in

releases of C that are the same order of magnitude

as combustion (O’Neill and others 2003), although

the effects on N cycling are not clear. The effect of

severe, stand-replacing fires on total soil or forest

floor N is variable (Table 5). Ash deposition to the

ground surface may be a source of mineral and

organic N (Christensen 1973), but losses of N due to

volatilization, ash convection, and leaching may be

greater (Boerner 1982; DeBano and Conrad 1978).

Postfire total soil N was two-thirds of prefire values

in Washington, USA (Grier 1975). Studies in

Alaska and Canada have shown either large re-

ductions (Simard and others 2001) or nonsignifi-

cant/ variable effects of severe fire on total soil N

(Dyrness and others 1989; Beaton 1959; Van Cleve

and Dyrness 1985).

There are several reasons to expect greater

changes in N mineralization after severe, stand-

replacing fires compared with non-stand replacing

fires. First, there may be a pulse of organic N as

roots turnover after the death of the canopy and

understory. Also, severe fires may release N that

was previously held in inaccessible forms. In addi-

tion, stand-replacing fires in boreal systems may

moderate thermal conditions for several years by

modifying the properties of the permafrost layer

after fire. The combination of increased organic N

substrates and enhanced abiotic conditions may

stimulate mineralization rates after severe fire.

Despite the radical change in physical environ-

ment and soil organic content that accompanies

stand-replacing fire, the magnitude of changes in N
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availability is similar to that in non-stand-replacing

systems. There are, however, many fewer studies in

severe, stand-replacing systems, limiting our con-

fidence in this generalization. There are several

reasons why N availability may not be enhanced

dramatically after severe fires. First, the death of

the canopy and understory reduces microbial car-

bon substrates for mineralization. Also, fires tend to

consume the relatively young portions of litter and

organic mat substrates, leaving older, more de-

composed and recalcitrant layers behind, poten-

tially constraining mineralization rates. Second,

losses of total N from the soil may be large due to

the high temperature of the fires, because N

volatilizes at relatively low temperatures (greater

than 200�C) (Knight 1966; Boerner 1982). Finally,

levels of mineralization are generally low in late-

successional conifer forests [1.5–10.2 kg N ha)1

y)1) in mature lodgepole pine forests in Yellow-

stone (Romme and Turner in press)], so fire-in-

duced changes in net N mineralization may be

difficult to detect.

Inorganic N concentration, mineralization rates,

and total soil N amount are affected by changes in

the microbial community. Bissett and Parkinson

(1980) observed increases in microbial populations

after stand-replacing fires in British Columbia,

Canada, attributed to warmer soil temperatures

over the growing season and an earlier spring thaw.

Recovery of microbial populations is also depend-

ent on adequate soil moisture throughout the

growing season following fire (Grogan and others

2000b), which is partially dependent on the depth

and quality of organic material that survives the

fire. Microbial populations may decrease in size

following severe, stand-replacing fires, potentially

as a result of intense soil heating (Grogan and

others 2000b). Decreases are most dramatic within

a year of the fire event but are still evident over a

decade later (Dumontet and others 1996). Six years

after the fire, the ratio of fungal to bacterial biomass

was lower in burned soils despite similar microbial

biomass. Changes in fungal-to-bacterial ratios has

been attributed to the decreased acidity of burned

sites (Bissett and Parkinson 1980), although Gro-

gan and others (2000b) showed that ash deposition

did not appear to directly influence microbial

populations. Higher charcoal amounts after severe

fires may change community composition of un-

derstory vegetation and associated fungi (Wardle

and others 1997; Pietikäinen and others 2000).

The abundance of mycorrhizal fungi after severe

fire may be dependent on the survival of the host

tree and the ability of postfire mycorrhizae to col-

onize new tree seedlings. Thus, following canopy

death resulting from severe fire, mycorrhizal com-

munities may be negatively affected (Dahlberg

2002; Visser 1995), although some of the my-

corrhizal community may survive because severe

heat may extend only to the top few centimeters. It

is reasonable to assume that because mycorrhizae

have evolved with their hosts, higher plants

adapted to severe fires, they would also exhibit

adaptations to fire such as dormant spores and/or

resistant propagules (Baar and others 1999; Visser

1995). Evidence of the resiliency of mycorrhizae

was exhibited by widespread mycorrhizal coloni-

zation of lodgepole pine seedlings 1 or 2 years after

severe fire near Grand Teton National Park, Wyo-

ming (Miller and others 1998). The species com-

position of postfire fungal communities may be a

function of the surviving mycelial network among

trees (even if those trees are killed) and of succes-

sional trajectories initiated by fire (Jonsson and

others 1999; Visser 1995; Grogan and others

2000b). In Fenno-Scandinavia, only two ectomy-

corrhizal fungal taxa exclusively fruit after severe

fires (Dahlberg 2002), although three morphologi-

cally distinct types of mycorrhizae were found after

severe fire in Grand Teton National Park (Miller

and others 1998).

The primary factors controling microbial com-

munity survival immediately after fire are fire se-

verity (which affects survival of the host tree,

combustion of the organic layer, and postfire abi-

otic conditions) and the prefire fungal or bacterial

community composition (including characteristics

that convey survival or propagation). The survival

of the microbial bacterial and fungal communities

determines the rates of mineralization and the

ability of plants to acquire N from the soil. Subse-

quent changes in the microbial community bio-

mass and composition will increasingly reflect

changes in quantity/quality of soil organic matter

and vegetation recovery (species and biomass)

rather than direct fire effects on the microbial

community. Perhaps because of a combination of

these direct and indirect factors, several authors

have shown that changes in microbial communities

extend at least a decade following a severe fire

event.

Nitrogen Outputs

The death of most trees following stand-replacing

fires results in the death of tree roots, loss of my-

corrhizal associations (Grogan and others 2000b),

and, therefore, a loss of nutrient uptake by trees.

However, nutrient uptake from resprouting un-

derstory vegetation can be large enough to prevent
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most N loss to streams and lakes (McColl and Grigal

1977). If fires are sufficiently severe to eliminate

resprouting vegetation, this also eliminates most

plant uptake, causing N losses to groundwater

(Stark 1977). The extent to which this N retention

results from plant uptake, microbial uptake, or re-

sidual exchange capacity of organic matter has not

been evaluated. Nutrient uptake gradually in-

creases after fire as root biomass recovers. In Alas-

ka, postfire aspen has a three-fold higher capacity

to absorb phosphate per gram of root than in late

successional stands; in black spruce, uptake capac-

ity per gram root remains high for about 60 years

after fire before declining (Chapin and Van Cleve

1981). These successional changes in uptake ca-

pacity and in nutrient availability are much smaller

than the changes in root biomass that occur

through postfire succession, suggesting that root

biomass is the primary determinant of successional

changes in nutrient uptake by vegetation after fire.

In a Pinus banksiana forest, it takes approximately

20 years (one-third of the typical fire return inter-

val) before plant N stock returns to 50% of the

prefire quantity present before the fire (MacLean

and Wein 1977; Chapin and Van Cleve 1981).

There is a positive correlation between fire return

time and the time required for biomass and nutrient

stocks to return to prefire levels (Chapin and Van

Cleve 1981). Ecosystems characterized by stand-

replacing fires are therefore at one extreme of fire-

prone ecosystems in the time required for recovery

of stand-level nutrient uptake and accumulation.

The 20-year period required for Pinus banksiana

stands to accumulate 50% of the original N stock

following a stand-replacing fire (33% of the average

fire interval; MacLean and Wein 1977) contrasts

with 8 years for resprouting heath (75% of the av-

erage fire interval; Chapman 1967) and 9 months

for a resprouting subtropical marsh (25% of the

average fire interval; Steward and Ornes 1975).

SPATIAL HETEROGENEITY IN POSTFIRE N
CYCLING

Understanding postfire N cycling in any system is

complicated by spatial variation in ecosystem re-

sponses. Stand-replacing fires do not homogenize

the landscape; rather, they produce a spatially

complex mosaic of burned patches encompassing a

wide range of burn severities (Christensen and

others 1989; Turner and others 1994; Foster and

others 1998). Variation in patch size and burn se-

verity in turn influence postfire plant communities

(M.G. Turner and others 1997, 1999), and N cy-

cling following stand-replacing fire is also likely to

exhibit significant spatial variation. However,

postfire spatial variation in N cycling is not well

documented.

Soon after fire, the redistribution of ash by wind

and water can produce substantial spatial hetero-

geneity in soil N availability, as observed in a Pinus

muricata stand in California (Grogan and others

2000a). Ash stimulated postfire primary production

and ecosystem N retention through direct inputs

from ash to soils, accounting for one-third of the

increases in total N, and indirect effects on soil N

availability to plants (Grogan and others 2000a).

Species that resprout following fire were stimulated

in the presence of ash (Grogan and others 2000a).

Because surface ash is rapidly displaced following

fire, accumulating in local depressions or the lee-

ward side of stumps and fallen trees (Wright 1976),

this redistribution is likely to create heterogeneity

in postfire N availability.

The spatial heterogeneity of fire influences the

composition and abundance of herbaceous vege-

tation for several years following fire. Between

vegetated and open areas, differences in soil mois-

ture may lead to significant variability in rates of N

cycling (Klopatek and others 1990; Binkley and

others 1992). In addition, differences in N utiliza-

tion, leaching, or soil microclimates among differ-

ent plant species also may produce spatial variation

in concentrations of ammonium or nitrate (Stock

and Lewis 1986) or N cycling rates (Christensen

and Muller 1975). Over longer periods of time,

feedback between the postfire plant community

and the soil (for example, Hobbie 1992) should lead

to patterns of variability associated with heteroge-

neity in postfire vegetation.

After stand-replacing fires, we expect to see sig-

nificant spatial variation in N cycling at different

spatial scales. At broad scales, N cycling may vary

with postfire tree density throughout the burned

forest. Controls on serotiny, which control postfire

density in several conifer species, are not well un-

derstood but are likely a response to repeated, se-

vere fires (Turner and others 2003; Schoennagel

and others in press). At fine scales, N cycling should

vary with local species composition, as well as CWD

and organic matter consumption. Severe, stand-

replacing fires may differentially affect these post-

fire characteristics compared with fires of lower

severity.

FUTURE DIRECTIONS

To further understanding of postfire N cycling after

severe, stand-replacing fires in northern coniferous

systems, we recommend three broad categories of
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research and suggest several questions to stimulate

research in these areas.

(1) The Role of the Organic Layer in
Postfire N Availability

As an important characteristic of northern conif-

erous forests, understanding how the organic layer

is altered by severe, stand-replacing fire is critical

for understanding effects on N cycling. Based on

the published literature, the thermal properties of

the organic layer are substantially altered by severe

fire, which may affect microbial activity and min-

eralization rates. Changes to organic layers may

also affect residual exchange capacity controling N

outputs and germination of soil seed banks con-

troling N inputs. However, several questions re-

main. How does severe, stand-replacing fire affect

postfire N and C availability from the organic and

the mineral soil layers? Are changes in abiotic

properties of the organic layer more or less impor-

tant than changes in substrate availability in af-

fecting microbial activity and N cycling?

(2) Plant and Microbial Adaptation to
Severe, Stand-Replacing Fire

The composition and abundance of plant and mi-

crobial communites after severe, stand-replacing

fires control N inputs by influencing N fixation,

control internal N cycling by affecting mineraliza-

tion and immobilization rates, and control N out-

puts by affecting root biomass and N uptake

patterns through time. Severe fires may particu-

larly control biotic adaptation to fire. However,

there are few studies relating specific plant adap-

tations to severe fire and N cycling, and even fewer

studies on how microbial communities may be (or

not be) adapted to severe fire or how these adap-

tations may affect N cycling. Several interesting

research questions remain. Is there a predictable

successional trajectory of microbial communities

after severe, stand-replacing fire? How has the

microbial community adapted to severe fires (re-

sistant spores, seed banks in the soil)? What is the

relative importance of changes in abiotic condi-

tions, substrate, and plant composition on postfire

microbial populations and N uptake?

(3) Fine- and Broad-Scale Postfire Spatial
Heterogeneity

Severe, stand-replacing fires do not homogenize

the landscape. Rather, they create spatial patterns

(for example, in postfire tree density, CWD bio-

mass, ash deposition) that are likely to influence N

cycling for decades. However, several questions

remain. What are the dominant mechanisms cre-

ating spatial variability in postfire mineral soil N

availability? To what extent are these mechanisms

a result of prefire conditions (variation in drainage

patterns), the fire event itself (variation in fire be-

havior), or postfire circumstances (tree density,

location of N fixers)? Under what circumstances

does fine-scale variability in drainage patterns, ash

deposition, or positioning of CWD impede the

ability to make broad-scale conclusions? At broad

scales, are off-site emission losses from severe fires

transferred to the stratosphere and deposited at

other locations?

CONCLUSION

Large, infrequent disturbances (LIDs) are known to

affect ecosystem processes for decades after the

disturbance event. Their lasting impact is mani-

fested in heterogeneity in the spatial distribution of

disturbance severities, as well as biotic and abiotic

legacies (Turner and others 1998; Foster and others

1998). As one type of LID, severe, stand-replacing

fires may have an immediate and lasting effect on N

availability in northern coniferous systems. The

articles described herein clearly demonstrate that

ecologists have observed differing patterns of post-

fire N availability. However, predicting postfire N

availability among systems is hampered by a lack of

understanding of the mechanisms controling these

patterns. Changes in abiotic conditions caused by

the opening of the canopy, changes in ground layer

depth and characteristics, and postfire plant adap-

tations affecting N fixation and uptake are mecha-

nisms that may strongly affect N cycling after

stand-replacing fires compared with fires of lower

severity. More experimental work, in conjunction

with synthetic efforts, is necessary to inform man-

agers and policymakers of the effects of natural

wildfires on long-term ecosystem function.
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